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Executive summary
The term “vulnerability” is intuitively appealing to invoke the sensitivity of
ecosystems to global change. However, little effort has been made to operationalize
the term within an ecosystem context that would make empirical testing
straightforward. Consequently, scientists have to cope with the paradox that
ecosystems apparently withstand many forms of environmental change, despite
reported mass extinctions in the Anthropocene. To move vulnerability from a myth to
a testable hypothesis novel empirical approaches are needed. Resilience and complex
adaptive systems theory can enlighten vulnerability assessments and provide the
foundations for innovative ways of measurement. In this report, we provide a novel
framework for vulnerability assessment and use subarctic and hemiboreal lakes as
case studies to show how a resilience approach to study the vulnerability of
ecosystems to global change can be made explicit.

Aim of this deliverable is to provide an overview of vulnerability research, based on
an exhaustive literature review, and develop a novel framework to assess the systemic
vulnerability of lakes to global change in an ecologically sound way. Our initial aims
were to cover a EU-wide scale in the analysis, using data sets collated during the
WISER project. However, this approach proved unfeasible because data sets were
highly deficient in terms of description of sampling and analysis protocols,
confounding studies of inference. We therefore used an alternative approach to
address the goals of this deliverable. It is divided in two parts, the first providing a
review of the current state of research. It highlights shortcomings in the ways
vulnerability is currently assessed and provides a novel framework to focus on
vulnerability from ecosystem-level perspective. The second part provides a specific
case study were we put this novel framework into practice. For this case study we
used long-term data from the Swedish Lake Monitoring Program to assess the
systemic vulnerability of subarctic lakes to global change. The analysis was based on
data series from lakes across Sweden, including lakes situated in subarctic/arctic
regions which are predicted to be especially vulnerable to environmental change.
These lakes could be compared with lakes in other climatic regions, allowing for an
assessment whether vulnerability to environmental change is contingent on climatic
zones. Long-term data spanning a period from 1988 to 2010 were available for

2

analyses. Previous research has documented substantial change in local and regional
abiotic and biotic lake conditions across these lakes. With environmental change
being evident for this period, our analyses focused on how lake vulnerability is linked
to this environmental change.

3

PART 1
Assessing the systemic vulnerability of freshwaters to
climate change:
potentials and pitfalls for management
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Abstract

2

Freshwater ecosystems host an important part of global biodiversity and provide

3

essential ecosystem services to humans. There is consensus in the scientific literature

4

that freshwaters are among the most vulnerable ecosystems in the face of on-going

5

climate change. Research covering different climatic, landscape and biogeographical

6

contexts has uncovered complex structural and functional changes to global change

7

across aquatic ecosystems. It is clear that climate change is multifaceted, triggering

8

complex changes in the abiotic and biotic environment across different scales of space

9

and time. This makes the generalisations of vulnerability patterns within and across

10

ecosystem types difficult and the assessment of potential biodiversity and ecosystem

11

service losses uncertain. Consequently, many management conundrums linger.

12

Information is needed to assess vulnerability from a systemic perspective. What is the

13

risk of an undesired regime shift in aquatic ecosystems? Which factors are key to

14

facilitate such shifts? Can we manage these factors to stave off regime shifts and

15

foster desired ecosystem states? In this forum article, we provide freshwater

16

ecologists and managers with a framework to address these questions. Our framework

17

is rooted in resilience theory, which has been advanced in recent years allowing for

18

empirical testing of core concepts relevant for understanding sustainability. We

19

demonstrate this providing an overview about available statistical and modelling

20

methods and case studies to show how informed management decisions could be

21

made. Finally, we outline future priorities to overcome the obstacles that currently

22

hinder an objective assessment of systemic vulnerabilities to global change.

23
24

Key words: climate change, resilience, regime shifts, management, scale
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25

Introduction

26

Freshwater ecosystems occupy less than 1% of the Earth´s surface and comprise only

27

0.01% of its aquatic resources, yet these habitats are biodiversity hotspots that are

28

home to ca 10% of all known species (Dudgeon et al., 2006; Strayer & Dudgeon,

29

2010). Freshwaters also provide essential ecosystem goods and services to humans

30

(fishing, recreational, regulating services) (Postel & Carpenter, 1997). However, there

31

is strong scientific consensus that freshwater ecosystems, including streams, rivers,

32

lakes, riparian areas and other wetlands, are highly vulnerable to projected climate

33

changes (e.g., Firth & Fisher, 1992; Poff et al., 2002; Glen, 2010; Boon & Raven,

34

2012; Capon et al., 2013).

35

Current rates of global warming are unprecedented based on the last 10000

36

years of palaeoclimatological evidence. Global mean surface temperature increased

37

by ca 0.74 °C during the 20th century, and modelling approaches using different CO2

38

emission scenarios suggest that temperature will increase another ca 0.6 to 4 °C by

39

2099 (IPCC 2007), depending on the willingness of humans to reduce current CO2

40

emissions. The pace of climate change is probably too fast to allow many aquatic

41

organisms to adapt to future environmental conditions. Many species are thought to

42

be at risk because their ability to adapt through natural selection may be limited, and

43

because their habitats may be significantly altered or reduced to allow for the

44

colonization of suitable habitat through dispersal and migration (Poff et al., 2002).

45

Furthermore, the synchronisation between life-cycle events and seasonal changes in

46

habitats may be disrupted (Winder & Schindler, 2004; Harper & Peckarsky, 2006),

47

limiting the ability of organisms to reproduce. Thus, worst-case scenarios depict

48

increasing rates of species extinctions and loss of aquatic biodiversity that can reduce

49

ecosystem service provisioning to human societies.
6

50

Awareness of the threats of climate change on freshwaters has stimulated

51

research into the vulnerability to climate change of aquatic ecosystems and their

52

constituent communities. More than 650 studies, including experimental,

53

observational and modelling studies, covering different climatic, landscape and

54

biogeographical contexts and spatial and temporal scales, have been published since

55

2010 (search string “freshwaters, vulnerability, climate change” in google scholar;

56

September 2013). These studies provide insight into potential future ecological

57

changes resulting from climate change, including broader ecosystem-level responses,

58

i.e. altered patterns in host-parasite interactions (Marcogliese, 2001; Paull, LaFonte &

59

Johnson, 2012), body size structure (Yvon-Durocher et al., 2011), and foodwebs

60

(Meerhoff et al., 2012; Shurin et al., 2012; Ledger et al., 2013). They also highlight a

61

lingering double whammy that researchers and managers have recognised as an

62

important impediment to a sound aquatic resources management and conservation in

63

the future: 1) high uncertainty in the prediction of ecological responses, and 2) low

64

possibility of generalization of climate change impacts across freshwater ecosystems

65

(e.g., Wilby et al., 2010).

66

Insight from past changes in Earth´s climate highlights that the ecological

67

consequences of climatic change may not become manifested until critical thresholds

68

are exceeded (Angeler, 2007; Willis et al., 2010; Minckley, Shriver & Shuman,

69

2012), meaning that rather than gradual changes, ecosystems may undergo non-linear,

70

rapid transitions to new states in the future (i.e., catastrophic regime shifts; Scheffer &

71

Carpenter, 2003). Efforts are made to develop early warning indicators of regime

72

shifts in ecosystems (Van Nes & Scheffer, 2007; Carpenter et al., 2011; Seekell et al.,

73

2012; Veraart et al., 2012). However, for most ecosystems it is uncertain to predict if

74

the risk of a regime shift with a consequent loss of ecosystem services exists, when
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75

and how long it will take to happen (Hughes et al., 2013) or if it can be recognised

76

early enough for management to steer systems away from such regime shifts (Biggs et

77

al., 2009). This uncertainty arises partly from the complex ecological responses that

78

climate change triggers in the environment. Interacting climatic and other, non-

79

climatic, anthropogenic factors (pollution, habitat fragmentation, species invasions)

80

are often highly context dependent, causing synergistic or antagonistic ecological

81

responses. Biogeographical, altitudinal and climatic contexts may further modulate

82

outcomes. This limits our possibility to infer general patterns of climate change in the

83

aquatic environment.

84

The aim of this paper is to provide a framework that allows aquatic ecologists

85

and managers target, and eventually reduce, the uncertainties related to predictability

86

and generalization of vulnerabilities of freshwater ecosystems to climate change. Our

87

framework is rooted in resilience theory, which builds the cornerstone of

88

environmental sustainability research (Walker & Salt, 2006; Folke et al., 2010).

89

Resilience theory has undergone significant progress in recent years, allowing for

90

measuring and quantifying the attributes of ecological complexity that confer

91

ecosystems stability in the face of disturbances. We demonstrate this providing an

92

overview about available statistical and modelling methods that allow quantifying

93

core concepts of resilience. Much research on climate change vulnerability has

94

centred on determining sensitivities and extinction risks of species and populations.

95

Our framework shows how such information can be incorporated in a broader

96

evaluation of systemic vulnerabilities to climate change. We define systemic

97

vulnerabilities as the sensitivity of aquatic ecosystems to undergo regime shifts in the

98

future that are potentially irreversible and therefore focus vulnerability from an

99

ecosystem perspective. The increased likelihood of regime shifts at local, regional and
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100

even global scales with climate change motivates our rationale (Folke et al. 2004;

101

Rockström et al., 2009; Hughes et al., 2013).

102

We provide a brief overview of our current knowledge of vulnerability to

103

climate change in aquatic systems. When then present core concepts necessary for

104

understanding resilience, and outline how current information of species

105

vulnerabilities can be used to assess systemic vulnerabilities to climate change. Using

106

case studies, we show how informed management decisions can be made. Finally, we

107

discuss future priorities to overcome the obstacles that currently hinder an objective

108

assessment of systemic vulnerabilities to climatic change.

109
110

Vulnerability: a brief overview of current knowledge

111

Concerned by the putatively high extinction risk of aquatic taxa in the warmer future

112

and their negative consequences for biodiversity and ecosystem service provisioning,

113

aquatic ecologists have intensively studied thermal responses to climate change at the

114

organism-level. Also other, non-climatic factors have been assessed that can modulate

115

outcomes and complicate inference. The literature accumulated in recent years is vast,

116

so we focus on key insights made on vulnerability to climate change, rather than

117

providing an exhaustive review of the literature. We specifically emphasise the key

118

issues (uncertainty, limited predictability) that provide the rationale for studying

119

systemic vulnerability, and highlight how current knowledge about trait responses to

120

climate change can be incorporated in its assessment.

121
122

Warming, thermal tolerances and vulnerability
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123

Insight on structural changes in communities and ecosystems can be strengthened

124

through an assessment of functional attributes, and thermal traits of organisms have

125

proven useful for identifying taxa that are most sensitive to warming. Many studies

126

therefore have a vulnerability focus on the organism level, investigating how

127

physiological adaptations to thermal conditions affect species fitness, their

128

distributions in landscapes and consequently local and regional community structure.

129

According to expectation, many studies have reported a decline of cold-

130

adapted species. Compelling evidence for this comes from a time series analysis of

131

the ichtyofauna across European lakes. Jeppesen et al. (2012) have shown that cold-

132

adapted fish species show strong patterns of decline and these patterns were evident

133

both in the warmer south and the cooler north of Europe. This suggests no specific

134

biogeographical contingency of fish vulnerability in this study, highlighting a major

135

challenge for conservation biogeography. Thermal traits have also predicted well

136

community responses and geographical range patterns in stream invertebrates

137

(Chessman, 2012), highlighting a priori the possibility to assess potential range

138

contractions of cold-adapted species and expansions of taxa with higher thermal

139

tolerance. However, recent studies found that aquatic species can adapt either

140

evolutionarily (Reed et al., 2011) or through phenotypic plastic responses

141

(acclimation) (Galbraith, Blakeslee & Lellis, 2012) to climate change that can alter

142

their thermal tolerances, but such responses can vary because thermal optima show

143

high variability even within single populations of freshwater organisms (Cottin et al.,

144

2012). Also, some studies have found that native species suffer higher extinction risks

145

with climate change than invaders in freshwater fish and invertebrate communities

146

(Moyle et al., 2013; Domisch et al., 2013), but even for exotic species invasion

147

success will be uncertain (Britton et al., 2010). It is clear from these examples that,
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148

although a quantification of temperature and population-level vulnerability provides

149

insight into the consequences of global warming, a focus on warming alone does not

150

capture the full picture of potential change (Koehn et al., 2011). Climate change

151

triggers complex changes in the abiotic and biotic environment, leading to

152

multifaceted forms of impact and context specific responses in the environment

153

(Covich et al., 2004; Gillson et al., 2013). These inevitably increase further

154

uncertainty and limit predictability.

155
156

Vulnerability beyond temperature: increasing uncertainty

157

The increased uncertainty can be exemplified with the limited generalization of

158

climate change impacts even within an ecosystem type. For instance, Bush et al.

159

(2012) found that invertebrate communities in mountain and coastal streams covering

160

a broad latitudinal gradient in Australia were affected by distinct degrees of climatic

161

factors, spatial isolation, anthropogenic activities and sea-level rise. This suggests that

162

coastal and mountain streams will need different climate change mitigation strategies.

163

The lake study by Danis et al. (2004) came to an opposite conclusion. They showed

164

that future climate change impact differs between deep lakes due to different

165

responses in mixing patterns that can affect evolutionary old deepwater fauna in some

166

but not all deep lakes.

167

A high variability in vulnerability patterns within ecosystem types may not be

168

surprising given the multiple dimensions along which system intrinsic (size, volume,

169

morphometry, biological factors) and extrinsic factors (landscape settings, human use)

170

interact. This variability will likely be exacerbated in the warmer future with the

171

mounting pressure on aquatic environments to cover basic resource demands of
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172

increasing human populations (Vorosmarty et al., 2000; Baron et al., 2002; Dudgeon,

173

2010). Recognising this challenge, researchers have begun not only to focus on

174

temperature-related traits of organisms, but also to assess traits that characterise the

175

broader suitability of habitat for organisms; for instance, flow conditions in streams,

176

dietary and habitat specialisation, and body size (Chessman, 2009, 2013; Rosset &

177

Oertli, 2011). Climate change creates environmental situations where specific

178

stressors (e.g. insecticides) (Kattwinkel et al., 2011), direct changes in habitat

179

template (Jacobsen et al., 2012) or indirect effects like changes in water clarity

180

(Angeler, 2013) can outweigh temperature-related effects. A multi-trait approach is

181

therefore very useful for identifying the most pressing stressors in freshwaters

182

(Statzner & Beche, 2010; Kittel et al., 2011). In turn, this may inform about the

183

vulnerability of ecosystems to these stressors and provide basic knowledge for their

184

management.

185
186

Assessing vulnerability: the next steps

187

Two mutually non-exclusive key challenges emerge for aquatic resource

188

management, based on our current knowledge of climate-change-related

189

vulnerabilities of freshwaters. Can we reduce uncertainty to identify realistic

190

ecosystem vulnerabilities to climate change? How can we incorporate current

191

knowledge in the systemic assessment of vulnerabilities and improve inference? In

192

this section, we will discuss a framework that provides ecologists and managers with

193

the possibility to reduce uncertainty in vulnerability assessments without sacrificing

194

the complexity needed to understand ecosystem structure and processes. We discuss

195

the underpinning theories in the context of resilience. Resilience theory has gained
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196

traction in recent years because it makes the attributes that characterise ecological

197

complexity quantifiable, allowing for an assessment of critical ecosystem attributes

198

that mediate their ability to cope with disturbances.

199
200

Resilience theory in a nutshell

201

Different definitions of resilience have been published, and aquatic ecologists have so

202

far studied resilience following the engineering (Gaudes, Artigas & Munoz, 2010;

203

Gerisch et al., 2012; Robinson, 2012) and ecological (Bogan & Lytle, 2011; Ireland et

204

al., 2012; Angeler et al., 2013) definitions of resilience in the climate vulnerability

205

context. Discerning between these definitions is necessary because both emphasise

206

different ecological phenomena that need to be considered for assessing systemic

207

vulnerabilities to climate change.

208

Holling (1973) defined ecological resilience as a measure of the amount of

209

change or disruption that is required to transform a system from being maintained by

210

one set of reinforcing processes and structures to that being maintained by a different

211

set of processes and structures. Inherent to this definition is that ecological systems

212

can undergo non-linear change or shift between alternative states (i.e. regime shifts).

213

This definition differs radically from engineering resilience, which is considered a

214

measure of return time following perturbation. Engineering resilience is based on the

215

premise that a system will perform a specific task consistently and predictably around

216

an equilibrium regime, and thus a system will re-establish performance quickly should

217

a disturbance occur. However, ecosystems can operate in multiple basins of attraction

218

and therefore do not have an equilibrium regime, and ecological resilience is therefore
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219

more relevant for understanding ecosystem dynamics, especially in the climate

220

change context. The following example makes these differences clear.

221

It is recognised that climate change will likely trigger more frequently non-

222

linear changes (regime shifts) in aquatic ecosystems (Meerhoff et al., 2012). Shallow

223

lakes are well-known models of such shifts that upon excessive nutrient enrichment,

224

for instance, shift from a clear-water state dominated by submerged macrophytes

225

(desired state) to another state characterized by turbid water, frequent algal, often

226

toxic, blooms and reduced ecosystem service provisioning (degraded or undesired

227

state) (Carpenter & Cottingham 1997; Scheffer, 1997). Both states are stable, and

228

major management intervention is required to shift a lake from the degraded to the

229

desired state. In this case an engineering view of resilience would always, and

230

incorrectly, predict that a lake in a turbid state would inevitably return to the clear

231

state without management interaction.

232

Ecological resilience is a broader concept than stability, because it explicitly

233

considers a compartmentalization of ecological structures and processes by scale that

234

are commensurate in space and time (Holling, 1992; Angeler, Göthe & Johnson 2013;

235

Allen et al., 2014). These scaling relationships can be described, for instance, at the

236

individual zooplankton scale range where predation and competition occur in cm3 to

237

m3 in space and hours to days in time; a lake scale range with surface areas from

238

multiple m2 to km2 and water renewal times lasting years to decades; to a landscape

239

scale range that covers hundreds to thousands of km2 that has formed over centuries

240

and millennia. A multi-scale spatiotemporal view of ecological systems is useful

241

because the impacts of climate change can differ depending on the scale of

242

observations (Angeler, Drakare & Johnson, 2011; Nash et al. 2014), allowing for the

243

identification of the kind of stressor and the magnitude of their impact across scales.
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244

An explicit view of scaling relationships in ecological systems permits quantifying

245

several mutually non-exclusive core concepts and issues that are thought to confer

246

systems resilience. These core concepts are briefly outlined.

247
248

Core concepts

249

Important to the understanding of the following key concepts is the notion that

250

ecosystem processes (flux of matter and energy; primary productivity) depend on

251

functional attributes of species within ecosystem and their responses to disturbances

252

rather than on structural community attributes, e.g. species richness (Hooper &

253

Vitousek, 1997; Nyström, 2006; Mori, Furukawa & Sasaki, 2013). Implicit to the

254

systemic assessment of vulnerabilities is the quantification of the distributions of

255

functions at multiple scales of space and time. Understanding how functions are

256

distributed within and across scales, and positive interactions between functions and

257

processes, has implications for the resilience of ecosystems.

258
259

Cross-scale resilience, functional redundancy and the insurance effect

260

Peterson et al. (1998) have described the cross-scale resilience model, which builds

261

on the premise that the resilience of ecological processes, and ultimately of

262

ecosystems, depends in part on the distribution of functions within and across scales

263

of space and time. At either a single scale, resilience increases due to an imbrication

264

of ecological function among species of different functional groups that operate at the

265

same scales (Allen, Gunderson & Johnson, 2005). The recognition that an increase of

266

resilience is due to an imbrication of functions within scales relates to the concepts of
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267

functional redundancy or the insurance hypothesis (e.g., Yachi & Loureau, 1999;

268

Mori et al., 2013). These concepts have received much research attention to elucidate

269

the relationships between biodiversity and ecosystem functioning (BEF). However,

270

much of this research has neglected that ecological processes are compartmentalized

271

by scale as posited by resilience theory. Thus, incorporating BEF approaches into

272

empirical testing of the cross-scale resilience model will likely allow for a more

273

mechanistic understanding of biodiversity and their role in ecosystems and potentially

274

result in refined management information.

275
276

Response diversity

277

The within and cross-scale distribution of species and their role for resilience can be

278

further scrutinized with the concept of response diversity (Elmqvist et al., 2003).

279

Rather than focusing on the redundancy of a specific function, this concept

280

emphasizes the variation in responses to environmental change by species within a

281

functional group. In other words, response diversity considers the functional make up

282

of a species accounting for multiple traits (Mori et al., 2013) that modulate species

283

responses through, for instance, distinct colonization, growth, competition and

284

dispersal abilities. If for example all species within a functional group have similar

285

trait configurations, it can be expected that all respond similarly to disturbance. In this

286

case response diversity, and therefore resilience, is low, meaning that an entire

287

functional group can be wiped out by a disturbance event. Thus, the ability to quantify

288

response diversity within and across scales of ecological systems would provide

289

further insight into their relative resilience to climate change.

290
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291

The role of rare species

292

In ecological systems most species are rare, being represented by only a few

293

individuals or restricted to selected habitats, but the role of rare species, and their

294

potential loss in ecosystems are unclear. Mouillot et al. (2013) have recently shown

295

that highly distinct combination of functional traits are supported predominantly by

296

rare species that differed from those of common species in coral reefs, alpine

297

meadows and tropical forests. They concluded that a loss of these rare species, even

298

within high diversity systems, would have disproportionate, negative effects on

299

ecosystem functions in these systems.

300

These results have important implication for the resilience of ecosystems

301

because they contribute an important facet to response diversity. In ecosystem

302

modelling these rare species can show stochastic dynamics (Angeler et al., 2013).

303

However, because patterns of cross-scale structure are explained by dominant taxa,

304

stochastic species are often discarded from the inference process. In other resilience

305

assessment methods (i.e., discontinuities in animal body size; Allen & Holling, 2008)

306

species dominance patterns, and therefore the role of rare and dominant species, are

307

not accounted for. There is evidence that after disturbances rare species with

308

stochastic dynamics may replace dominant species, contributing to the maintenance of

309

functions in ecosystems (Walker, Kinzig & Langridge, 1999). It is clear that rare

310

species with presumably stochastic dynamics comprise an important facet of

311

resilience, adaptive capacity. Thus, inference about the vulnerability of ecosystems to

312

climate change can be optimised if assessment is based both on within- and cross-

313

scale patterns explained by dominant species and the stochastic dynamics shown by

314

rare species.
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315

From theory to measurement

316

The cross-scale resilience model highlights that the identification of the scales of

317

structure present in a system is non-trivial. There are several methods available to

318

infer scale-specific patterns in ecological systems, but these methods differ in their

319

assumptions, which need to be considered when inferring resilience and comparing

320

results based on different methods. Some pros and cons of methods shown here are

321

summarized in Table 1.

322

Classification and regression tree analyses and their Bayesian implementations

323

(Chipman, George & McCulloch, 1998), kernel density estimation (Havlicek &

324

Carpenter, 2001) and the gap rarity index (Restrepo et al., 1997) have been used to

325

evaluate discontinuities in animal body-mass distributions. The underlying assumption

326

is that resource availability (shelter, food resources, home ranges) differs across the

327

spatiotemporal scaling regimes outlined before, leading to non-linear patterns. These

328

non-linear patterns ultimately influence the allometric relationships in animal

329

communities (Holling, 1992). That is, non-linear resource distribution creates groups of

330

animals with similar weights or size in the communities that have evolved to exploit only

331

a specific range of resources. These groups of species differ from others in the

332

communities and are separated from each other due to a lack of resources in the

333

environment. Thus, each group of species operates in a putative scaling regime,

334

separated by “forbidden zones” or “scale breaks” that represent the discontinuities

335

(Holling, 1992; Nash et al., 2014).

336

Discontinuity analyses have been used to identify the number of dominant

337

scales that are present in animal communities or other complex system (Allen et al.,

338

2005; Allen & Holling, 2008). Although body mass is an important trait of animal
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339

species, the lack of sufficient body mass data for other organism groups (e.g., plants)

340

has led to a bias of discontinuity research towards a few taxa. Also, because body

341

mass integrates processes acting at distinct evolutionary and ecological time scales,

342

our ability to discern among the relative importance of ultimate factors generating

343

discontinuous body mass distributions is limited. Furthermore, species abundances are

344

not accounted for in discontinuity analysis of body mass, so the role of dominant vs

345

rare species cannot be separated (Table 1). Therefore, using data independent of body

346

mass, such as population variability, to identify discontinuities and cross-scale

347

structure may increase the robustness of discontinuity analyses (Table 1).

348

Ecosystems are usually measured and managed at scales that are tractable to

349

humans, usually at scales that extend between tens to thousands of meters, and

350

frequencies ranging weeks to decades. Time series modelling allows us to identify the

351

scales of temporal frequencies in complex systems, and makes it possible to track the

352

imprints of environmental change over time (Keitt & Fischer, 2006; Angeler, Drakare

353

& Johnson, 2011; Angeler, Allen & Johnson, 2013). For example, analysis of long-

354

term data has revealed discrete groups of species that exhibit distinct temporal

355

frequencies, with some responding to slow environmental variables and others

356

responding to fast variables (e.g., Angeler, Allen & Johnson, 2013). Multiscale,

357

hierarchical spatial modelling (e.g. Dray et al., 2006) allows extending assessment of

358

resilience from the ecosystem to landscape scales, providing opportunities for testing

359

the vulnerability of entire networks of ecosystems or regional landscapes to climate

360

change (Cumming, 2011; Angeler et al., unpublished manuscript). Both time series

361

and spatial modelling hold much promise, but the scales of pattern and structure that

362

can be discerned have upper bounds set by the limit of the temporal extent or number

363

of sites covered in the data series, and lower bounds set by the temporal frequency or
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364

spatial resolution of sample collection. The following case studies show the

365

usefulness of discontinuity analysis and time series modelling for systemic

366

vulnerability assessments to climate change.

367
368

Case studies

369

The Florida Everglades

370

One of the side effects of climate change is species invasions that may have

371

pronounced negative effects on aquatic ecosystems and landscapes. Using the

372

vertebrate fauna of the Everglades wetland complex of south Florida (USA), Forys &

373

Allen (2002) quantified how the loss of native species of amphibians, birds, reptiles

374

and mammals and invasion by nonnatives may alter functional group richness within

375

and across scales. They carried out discontinuity analyses on rank-ordered body mass

376

data to identify groups of species that operate presumably in similar scaling regimes.

377

They found that despite large changes in species composition due to potential

378

extinctions and successful invasions by nonnative species, functional group richness

379

did not change significantly within scales. There was also not any significant loss of

380

overall redundancy of function across scales, and overall body mass pattern did not

381

undergo substantial change as a result of invasions. This highlights the robustness of

382

the vertebrate fauna to invasions, and the broader resilience of these communities to

383

the plethora of anthropogenic stressors that currently affect the Everglades.

384
385

Subarctic lakes in Sweden

386

Ecosystems at high altitudes and latitudes are expected to be particularly vulnerable to
20

387

the effects of climate change (Wrona et al., 2006). Angeler, Allen & Johnson (2013)

388

assessed the responses of littoral invertebrate communities to changing abiotic

389

conditions in subarctic Swedish lakes with long-term data (1988–2010) and compared

390

the responses of subarctic lakes with those of more southern, hemiboreal lakes. They

391

used multivariate time-series modeling to identify dominant and distinct temporal

392

frequencies in the data to track community change at distinct temporal scales. They

393

determined the distribution of functional feeding groups of invertebrates within and

394

across temporal scales to evaluate resilience based on the predictions made by the

395

cross-scale resilience model (Peterson et al., 1998).

396

Two patterns of temporal change within the invertebrate communities were

397

identified that were consistent across the lakes. The first pattern was one of monotonic

398

change associated with changing abiotic lake conditions due to global change

399

mediated impacts on water clarity. The second was one of showing fluctuation

400

patterns largely unrelated to gradual environmental change. Thus, two dominant and

401

distinct temporal frequencies (temporal scales) were present in all lakes analysed.

402

Although the contribution of individual feeding groups varied between subarctic and

403

hemiboreal lakes, they shared overall similar functional attributes (richness, evenness,

404

diversity). Similar to the findings of case study 1, the redundancies of functions

405

within and between the observed temporal scales were similar across lakes,

406

highlighting similar resilience characteristics in subarctic and hemiboreal lakes. An

407

important finding was that a replacement of cold-stenothermic with warm-tolerant

408

species maintained the functional underpinnings of resilience in subarctic lakes. Both

409

case studies show how inference about climate change impact can be strengthened

410

when a compartmentalization of ecological functions by scale is accounted for in

411

assessment studies.
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412

A conceptual model for measuring systemic vulnerabilities to climate change

413

Based on these case studies and our current understanding of resilience theory we can

414

develop a conceptual model to guide managers in endeavours to assess empirically the

415

systemic vulnerability of freshwaters to climate change (Figure 1). Our model builds

416

on discontinuity analysis and time series modelling that have proven useful for

417

assessing resilience. These techniques have been used in several resilience assessment

418

studies (overview in Allen et al., 2014; Nash et al., 2014), facilitating comparisons

419

across communities and ecosystems. Time series modelling is based on canonical

420

ordinations using redundancy analysis (Angeler, Viedma & Moreno, 2009), which is a

421

temporal analogue to multi-scale spatial modelling (Dray et al., 2006). Thus, for

422

simplicity we only show time series modelling in the model. It is beyond the scope of

423

this paper to present the methodological details of these methods. Detailed

424

descriptions of all steps involved in their implementation can be found in Allen et al.

425

(2005) and Allen & Holling (2008) (discontinuity analysis) and Angeler, Viedma &

426

Moreno (2009) and Angeler et al. (2013) (time series analysis).

427

In a first step, our conceptual model emphasises the need to identify the scale-

428

inherent structures in data sets for assessing systemic vulnerabilities (Figure 1). Once

429

the cross-scale structures have been identified, the next step is to associate scaling

430

patterns with specific taxa and evaluate the functional attributes of these species and

431

their contributions to within and cross-scale redundancies. If multiple traits are

432

available that allow estimating potential responses to disturbance, the functional

433

redundancy analysis can be refined with an assessment of response diversity patterns

434

that are compartmentalized by scale or present in species groups with stochastic

435

dynamics.
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436

The model is simple because it shows how complexity attributes of ecological

437

systems that are necessary for understanding their systemic vulnerability to climate

438

change can be evaluated in two straightforward steps. We will now show how the

439

model can be used to address practical management questions.

440
441

Application to management

442

Resources for managing ecosystems are not infinite, requiring the identification of

443

trade offs in priority settings for management. Freshwater ecologists and managers are

444

challenged to identify ecosystems that are highly vulnerable to the broader climate

445

change impacts; more specifically, those that face an impending regime shift or those

446

that likely provide limited ecosystem service provisioning to humans. Our conceptual

447

model provides not only possibilities for reducing uncertainty by identifying systems

448

that are more vulnerable to climate change; it also allows for standardized

449

comparative analyses of systemic vulnerabilities within and across habitats that can

450

facilitate the identification of ecosystems that should receive management priority.

451

By quantifying and comparing cross-scale structures and the distribution of

452

functional traits within an across scales, inference about the relative resilience of

453

freshwaters can be made. We illustrate this with the following hypothetical scenarios

454

(Figure 2). In these scenarios we incorporate species vulnerabilities, accounting for

455

their physiological sensitivities to higher temperatures or other stressors that might

456

contribute to their extinctions with ongoing climate change. For simplicity, these

457

species are symbolized by the white dots and distinguished from species with higher

458

tolerances to environmental stress (black dots) in our scenarios (Figure 2). In the “low

459

vulnerability” scenario, species within a community carry out the hypothetical
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460

functions A, B, and C. In this scenario, function A has the highest within- and cross

461

scale redundancy, followed by functions B and C. All functions are carried out by

462

“vulnerable” and “tolerant” species. Ignoring potential functional compensation

463

processes, this scenario suggests that an extinction of vulnerable species will be less

464

detrimental for the ecosystem, because all functions are still carried out by tolerant

465

species, both within and across scales, once sensitive species went extinct.

466

If we simply reshuffle the vulnerability characteristics of species, we can

467

obtain a contrasting scenario that reflects a putatively high systemic vulnerability to

468

climate change. In this scenario, extinctions may decrease the within- and cross-scale

469

redundancies of functions B, and lead to a loss of function C altogether. This

470

highlights that the systems capacity to fulfill critical processes associated with these

471

functions that may be relevant for ecosystem service provisioning are jeopardized. If

472

managers can identify ecosystems with such vulnerability characteristics,

473

management priorities can be geared towards maintenance of these functions (Figure

474

2).

475

It is not our aim to provide an exhaustive list of interventions that are

476

potentially applicable in ecosystems to achieve this goal. As pointed out before,

477

climate change can have context-dependent effects and will therefore require site-

478

specific approaches. However, the following considerations can provide guidance for

479

tailoring specific management plans.

480

Our scenarios are built on current theory and empirical examples that climate

481

change has scale-specific impacts (Angeler, Allen & Johnson, 2013; Nash et al.,

482

2014). Our scenarios highlight the need to identify the scales that are amenable to

483

management. For example, species that operate in scaling regimes that operate over
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484

very broad spatial extents an long periods of time (i.e. those capturing climate change)

485

may be more difficult, if not impossible, to manage in the long term. Case study 2

486

makes clear how the effects of global change can be particularly strong at scales with

487

slow dynamics that operate over broad spatial extents. Neither are current governance

488

structures designed to, nor resources available, to cope with climate change

489

management of freshwaters at such scales (Nilsson & Persson, 2012). It is therefore

490

necessary to identify scales that are either unaffected by global change or that allow

491

managing scales that are tractable within the constraints set by current natural

492

resources governance schemes. Managing these scales can contribute to maintain or

493

increase functional ecosystem properties at these scales, compensate for the loss of

494

such attributes at scales that cannot be managed, and eventually foster desired

495

ecosystem states and stave off regime shifts.

496

In practice, this means that management might be most effective at local to

497

regional scales where ecological processes can be tracked at infra-seasonal to seasonal

498

to inter-annual scales. At these scales, management can target to maintain or increase

499

functional redundancy through assisted translocations (Olden et al., 2011) to

500

compensate for a potential loss of redundancies at unmanageable scales. Detailed

501

spatial and temporal conservation planning (Hermoso, Ward & Kennard, 2012) and

502

other niche (Pearson & Dawson, 2003) and habitat modelling (Keith et al., 2008) can

503

be very useful to manage the abiotic habitat template (e.g., environmental flows;

504

Arthington et al., 2010; Yen et al., 2013) at these scales to optimize the viability of

505

resident species and assisted colonizers (species symbolized with grey squares in

506

Figure 2). Optimizing assisted colonization may be desirable because maintenance of

507

local functions through natural colonization processes from regional sources may be

508

limited (Thompson & Shurin, 2012). Although still debated, also the roles of exotic
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509

species merit attention (Allen et al., unpublished). Exotic species can compensate for

510

the loss of functions and increase the resilience in ecosystems, thereby decreasing

511

their systemic vulnerability to climate change; however, the benefits of “assisted

512

invasions” need to be carefully balanced against other negative side effects in

513

freshwaters.

514
515

Conclusion and future challenges

516

Managers are in need of assessment tools to understand the boarder impacts of

517

climate change on ecological systems. Our conceptual model can be useful because it

518

allows assessing the current status of vulnerability across ecosystems in a comparative

519

way and identifying systems that should become priority targets for management. Not

520

only would this allow to reduce uncertainty considering potential vulnerabilities to

521

change, it would also entail a more effective use of often limited resources dedicated

522

to freshwater management. However, a risk with status assessments is that future

523

responses are not accounted for. This means that ecosystem that may look currently

524

robust to change, like the Everglades (Case study 1) or subarctic lakes (Case study 2),

525

may face an erosion of resilience in the future (Forys & Allen, 2002).

526

It is clear that a systemic assessment of climate change vulnerabilities will

527

require a great amount of data of sufficient temporal span and spatial extent.

528

Exceptional data sets from long-term monitoring programs have proven very useful so

529

far. However, the broader application of promising temporal or spatial modelling

530

tools is currently limited by the general lack of standardized long-term (centuries,

531

millennia) data with good spatial resolution. There is a clear need to create more long-

532

term monitoring efforts (Maberly & Elliot, 2012; Viheervaara et al., 2013), which in
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533

combination with paleontological data may allow for a better understanding of

534

complex system responses to climatic change.

535

Existing data allow for studying vulnerability patterns empirically. These, in

536

combination with specifically designed experiments (Ledger et al., 2012), provide

537

opportunities for obtaining complementary and more mechanistic information

538

between structure, functions and process rates. Improved trait-based knowledge,

539

especially those that can be divided in response traits to assess the system´s resistance

540

to disturbance and effect traits to assess its recovery after disturbance (Sterk et al.,

541

2013) will further strengthen inference. Aquatic communities (microbes, plankton)

542

are especially suitable for experimental manipulation, facilitating testing of hypothesis

543

about the influence of perturbations on ecosystems and their structural and functional

544

attributes.

545

Future scenarios of the effects of global climate change are pessimistic

546

regarding loss of biodiversity and sustainability of ecosystem services. Politicians,

547

scientists, and managers should exploit every tool available that could help conserve

548

our environment. Our conceptual model for evaluating systemic vulnerabilities could

549

be very useful for some of these tasks.

550
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Table 1: Comparison of methods available for assessing cross-scale structures necessary for studying systemic vulnerabilities to climate change.
Method

Data sets

Advantages

Limitations

Discontinuity analyses

Univariate, rank-ordered, logtransformed data (e.g., body
size or mass)

- Data easy to obtain either
from available sources or
through measurement.

- Species dominance patterns
not explicitly accounted for.

(GRI, CA, CART, BCART,
KDE)

- Simple assessment of nonlinear (scale-specific)
structures in data.

Time series and spatial
modelling
(Canonical ordinationsa,b;
wavelet analysesc)

Multivariate; species
abundance and/or presenceabsence data

- Species abundances
accounted for.
- Separating the role of
dominant and rare species.
- Evaluation of
complementary aspects of
resilience and adaptive
capacity.
- Relating patterns to dynamic
environmental change.

- Resilience assessment
limited to the evaluation of
cross-scale patterns.
- Limiting assessment of
ultimate factors causing
discontinuities.
- Data acquisition labour
intensive, high resource
demand.
-Higher analytical complexity
relative to discontinuity
analysis.
-Scales and patterns of
structure contingent on
sampling frequency and
length.
- Limited availability of
adequate long-term data.
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Abbreviations: GRI, Gap Rarity Index; CA, Cluster Analysis; CART, Classification and Regression Trees; BCART, Bayesian
implementation of CART; KDE, Kernel Density Estimates (see text).

863
864

a

Angeler, Viedma & Moreno (2009), an example for time series modelling; b Dray et al. (2006), showing the modelling framework for
assessing spatial resilience; c Keitt & Fischer (2006), time series modelling.
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Figure legend
Figure 1: Conceptual model outlining approaches for identifying scale specific structures
necessary for understanding the systemic vulnerability of ecological systems to climate
change. In a first step, discontinuity analysis or time series analysis can be used to identify the
cross-scale structure in data sets; time series analyses also allows identifying species with
stochastic patterns that are not contributing to cross-scale structure. Discontinuity analysis is
based on rank-ordered body mass data of species within a community (black dots); it
aggregates species in putatively distinct scaling regimes that are separated by “scale breaks”
or discontinuities (vertical dotted lines). Time series analysis extracts groups of species with
contrasting temporal frequency patterns from species x time matrices, based on temporal
patterns of abundances, densities or biomass. After identifying cross-scale (and stochastic)
patterns, the distribution of functional attributes of the species explaining these patterns can
be assessed. When a multiple trait analysis is possible, the analysis of functional redundancy
within and across scales can be complemented with an estimation of response diversity that is
compartmentalised by scale (and in the group of stochastic species).

Figure 2: Scenarios contrasting high and low systemic vulnerabilities to climate change of
ecological systems, and how vulnerability can be decreased through management. For
explanations see text.
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PART 2

Assessing vulnerability of lakes
to environmental change:
A case study using subarctic and hemiboreal lakes

47

Summary
Ecosystems at high altitudes and latitudes are expected to be particularly vulnerable to the
effects of global change. We assessed the responses of littoral invertebrate communities to
changing abiotic conditions in subarctic Swedish lakes with long-term data (1988-2010), and
compared the responses of arctic lakes with those of more southern, hemiboreal lakes. We
used a complex systems approach, based on multivariate time series modelling, and identified
and tracked community change at distinct temporal scales. We determined the distribution of
functional feeding groups of invertebrates within and across temporal scales, and identified
cross-scale linkages thought to be important in driving positive feedbacks necessary for
reinforcing observed patterns. Such feedbacks maintain ecosystem processes, despite
changing environmental conditions. Two patterns of temporal change within the invertebrate
communities were identified that were consistent across the lakes. The first pattern was one
of monotonic change associated with changing abiotic lake conditions. The second was one
of showing fluctuation patterns largely unrelated to gradual environmental change. Thus two
dominant and distinct temporal frequencies, or scales, were present in all lakes analyzed.
Subarctic and hemiboreal lakes shared overall similar functional attributes (richness,
evenness, diversity) and redundancies of functions within and between the observed temporal
scales, but the contribution of individual feeding groups varied between these lake types. The
effects of global change can be particularly strong at one temporal scale, causing monotonic
change in communities that can eventually lead to a loss of important ecosystem services
upon reaching a critical threshold. Temporal dynamics at different scales can be unrelated to
environmental change. The relative ‘intactness’ of these scales that are unaffected by global
change, and the persistence of functions at those scales may safeguard the whole system from
the potential loss of functions at the scale at which global change impacts can be substantial.
Thus, an understanding of scale-specific processes provides managers with a realistic
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assessment of vulnerabilities and the relative resilience of ecosystems to environmental
change. Explicit consideration of ‘intact’ and ‘affected’ scales in analyses of global change
impacts provides opportunities to tailor more specific management plans.

Keywords: global change, benthic invertebrates, vulnerability, time series modelling, crossscale resilience, panarchy

Introduction
There is consensus in the scientific community that current rates of global change are
unprecedented. Ecosystems at high latitudes, especially freshwaters including subarctic and
arctic lakes, streams, ponds and wetlands, are particularly sensitive to change due to the
combined impacts of modified ice cover regimes, increasing water temperature, thawing
permafrost, and changes to hydrological processes and water balance (Prowse et al., 2006;
Milner, Brown & Hannah, 2009; Vincent et al., 2011). In fact, the impact of global change on
northern freshwaters is likely twice as much as the global average (Walsh et al., 2011), and
may be having dramatic effects on the abiotic template and biodiversity of freshwater
ecosystems (Wrona et al. 2006; Prowse et al., 2011). These effects can jeopardise many of the
important provisioning services that sustain local populations, and climate regulation services
that are critical to humanity (Reist et al., 2006; Huntington, Goodstein & Euskirchen, 2012).
Awareness of periled northern freshwaters has resulted in calls of internationally standardised
biomonitoring efforts to assess and mitigate the impacts of global change on arctic
freshwaters and their locally and globally coupled societies (Culp et al., in press). In this
study, we analyse unique long-term biomonitoring data to evaluate the vulnerability of
subarctic Swedish lakes to changing environmental conditions during the last two decades.
We compare temporal dynamics of littoral invertebrate communities in subarctic lakes to
49

lower latitude, hemiboreal lakes, to assess whether vulnerability to environmental change
varies between these two climatic zones.
Increasing evidence suggests that ecological structure and dynamics are regulated by a
small number of ecological processes (Carpenter & Leavitt, 1991; Levin, 1992) that operate at
characteristic temporal and spatial scales (Holling, 1992; Allen et al., 2006; Angeler, Drakare
& Johnson, 2011). A multiscale view of ecosystems is useful because effects of global change
can be scale specific. For instance, community changes can arise from slow changes in
average temperature or nutrient deposition rates and these slow changes can trigger impact on
faster-changing processes, for example, annually recurring nuisance algal blooms (Angeler,
Allen & Johnson, 2012). Ecologists have developed tools (discontinuity analyses) that allow
quantification and comparison of sudden changes in ecological patterns (Allen & Holling,
2008). The ability to measure and quantify discontinuities provides insight regarding the
number of dominant scales of process and structure that are present in a system (Allen,
Gunderson & Johnson, 2005; Stow, Allen & Garmestani, 2007). Here we use multivariate
time series modelling to identify temporal structure in long-term data sets; that is, we identify
different temporal frequency patterns in the abundance structure of invertebrate communities
(Angeler, Viedma & Moreno, 2009).
Processes in ecosystems, such as primary productivity or the flux of matter and
energy, depend on the functional roles of species and the composition of species in functional
groups (rather than on species richness), how these functions are distributed within an
ecosystem, and by their differential responses to disturbances (Hooper & Vitousek, 1997;
Nyström, 2006; Cadotte, Carscadden & Mirotchnick, 2011; Pinho et al., 2011). Ecologists
have begun to explicitly consider the distributions of functions at multiple scales, because
understanding how functions are distributed within and across scales, and positive
interactions between functions and processes, has important implications for the resilience of
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ecosystems (Fischer et al., 2007; Wardwell et al., 2008; Sundstrom, Allen & Barichievy,
2012). More specifically, the resilience of ecological processes, and ultimately of ecosystems,
depends in part on the distribution of functions within and across scales (Peterson, Allen &
Holling, 1998). At a single scale, resilience is enhanced by an imbrication of ecological
function among species of different functional groups that operate at the same scales (Allen et
al., 2005). Together with the variation in responses to environmental change by species
within a functional group (response diversity; Elmqvist et al., 2003; Chillo, Ananad & Ojeda,
2011), an assessment of within and cross-scale redundancy of functions allows a measure of
resilience, from which important management information can be derived (Cadotte, 2011).
We focus on the temporal structure of functional metrics of littoral invertebrates,
because this group comprises a variety of taxa with different feeding modes (predators,
shredders, grazers, gatherer-collectors, filterers) that play a pivotal role in different ecosystem
functions in aquatic ecosystems, including secondary production, leaf litter processing,
nutrient cycling and matter and energy fluxes (e.g. Wallace & Webster, 1996). In addition to
functional metrics, we use taxon richness, and assess thermal preferences and the Red List
status of invertebrates for Sweden to gain insight regarding the extent relevant functions are
associated with potentially threatened taxa. Our time series modelling approach permits us
both to test if there are dominant temporal frequencies (or “scales”) of species abundances
present, and if so how many and what frequencies. We can then determine the distribution of
function within and across scales, to provide us an assessment of resilience. This has clear
relevance for management and conservation. For example, the effect of a particular global
change may be particularly strong at a single temporal scale. However, temporal dynamics at
other scales may be unaffected and may rather track other processes (e.g., dispersal among
habitats). Thus, an understanding of scale-specific distributions of structural and functional
attributes provides managers with an assessment of vulnerabilities to environmental change,
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especially in identifying affected and unaffected scales. The identification of ‘vulnerable’ and
‘intact’ scales in analyses of global change impacts can then guide specific management
targets. Here we use subarctic lakes with predicted high vulnerability to environmental
change as model systems to identify structure in time series data to identify temporal patterns,
and use the expectations of the cross-scale resilience model to evaluate their management
implications. We compare the patterns found in subarctic lakes to a set of lakes at more
southern latitudes, to assess if the arctic lakes appear more vulnerable to environmental
change.
Material and Methods
Study area
In the late 1980s, Sweden initiated a long-term monitoring program of multiple habitats and
trophic levels of lakes. Eight lakes from the monitoring data were chosen for this study based
on the length of time series available (23 years) and their location in contrasting climatic
zones. Four lakes were situated in the subarctic (dfc) region according to the Köppen-Geiger
climate classification system (Köppen, 1936; Peel, Finlayson & McMahon, 2007). The other
four lakes were located in the hemiboreal climatic (dfb) zone (Appendix 1). This
classification scheme identifies climatic zones as a function of their vegetation characteristics,
temperature and precipitation regimes. Samples for environmental variables and littoral
invertebrate assemblages used in this study were collected between 1988 and 2010.
Information regarding the monitoring program can be found at:
http://www.slu.se/en/faculties/nl/about-the-faculty/departments/department-of-aquaticsciences-and-assessment/data-host/. Selected environmental variables and the geographical
position of these lakes are provided in Appendix 1.
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Sampling
Standard sampling and analyses protocols for abiotic and biological variables were used
throughout the period of our study. Water quality data were obtained from surface water
samples (taken at 0.5 m depth) that were collected four to eight times each year at a mid-lake
station in each lake. Water was collected with a Plexiglas sampler and kept cool during
transport to the laboratory. Samples were analysed for variables related to acidity (pH,
alkalinity, SO42- concentration), nutrients (total P, total N, Ca), water clarity (Secchi disc
depth, water colour) and ionic strength (electrical conductivity). All physicochemical analyses
were done at the Department of Aquatic Sciences and Assessment following international
(ISO) or European (EN) standards when available (Wilander et al., 2003).
Benthic invertebrates were collected in each lake from one wind-exposed,
vegetation-free littoral habitat in late autumn (end of October– early November in the
hemiboreal lakes; end of September in the subarctic lakes to cover similar environmental and
climatic conditions) each year. Five samples were taken using standardised kick sampling
with a hand net (0.5 mm mesh size) and pooled. Each sample was taken by disturbing the
bottom substratum for 20 seconds along a 1 m long stretch of the littoral region at a depth of
c. 0.5 m. Samples were preserved in 70% ethanol in the field and processed in the laboratory
by sorting against a white background with 10x magnification. Invertebrates were identified
to the finest taxonomic unit possible and counted using dissecting and light microscopes by
the same personnel throughout the study, thereby reducing a researcher-based bias in sample
evaluation.
Statistical analyses
Revealing patterns of species groups at independent temporal scales - We used multivariate
time series modelling to identity independent frequency patterns of invertebrate community

53

dynamics over the study period (Angeler et al., 2009) (Appendix 2). The method is based on
Redundancy Analysis (RDA), where time is modelled with a Principal Coordinate of
Neighbour Matrices (PCNM) approach. The analysis converts a time vector comprised of 23
time steps (i.e., 23 sampling years of invertebrates between 1988 and 2010) into a series of
PCNM variables akin to a Fourier transform (i.e. a number of different sine waves with
different frequencies is derived from the linear time vector; Borcard & Legendre 2002;
Borcard et al., 2004).
Principal Coordinate of Neighbour Matrices are related through a forward selection
process to the community data sets by means of RDA. The RDA retains significant PCNM
variables and these are linearly combined to extract temporal patterns in species abundances
from the species matrices; that is, the RDA identifies species with similar temporal frequency
patterns in the species  time matrix and uses their temporal pattern to calculate a modelled
species group trend for these species based on linearly combined PCNMs. The significance of
the temporal frequency patterns of all modelled species groups revealed by the RDA are
tested with permutation tests.
The RDA relates each modelled temporal frequency pattern associated with a species
group with a significant canonical axis. The R software generates linear combination (lc)
score plots, which display the modelled temporal frequencies of species groups that are
associated with each canonical axis. Based on the number of significant canonical axes, the
number of modelled species groups with different temporal frequency patterns can be
deduced. The ecological relevance of temporal frequencies is quantified using adjusted R2
values of the canonical axes. The overall temporal patterns of frequencies present in the
whole community can then be deduced from the number of significant canonical axes in the
RDA models.
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The canonical axes are orthogonal, so the PCNM-RDA approach reveals temporal
frequency patterns of species groups that are independent from each other. Because frequency
patterns can be assessed at different temporal scales, this method is useful for more accurately
assessing the organization of ecological communities from a complex systems perspective
(Angeler et al., 2011). Rather than assessing change of the “overall” community, we infer
patterns of species-group-specific trends with different frequencies that could indicate
community organization at different temporal scales.
Our calculations and analyses are based exclusively on an automatic statistical
procedure, thereby avoiding potential researcher-induced bias in model construction.
Specifically, for all relevant steps in the analysis, including conversion of the linear time
vector to PCNM variables and calculation of modelled species group trends to visual
presentation of the results in form of lc score plots, were carried out with the “quickPCNM”
function implemented in R 2.15.1 statistical software package (R Development Core Team
2012). Each lake analysis was based on Hellinger-transformed invertebrate abundance data to
avoid problems when community data are analysed with Euclidean distance based methods
(Legendre & Gallagher, 2001).
Abiotic and biotic correlates of long-term patterns of individual species groups — To identify
the environmental correlates of each temporal frequency patterns of invertebrates (i.e.
modelled lc scores) we used Spearman-rank correlation analyses. Although our approach
allows an assessment of species contributions to the temporal frequency patterns through their
correlation with significant canonical axes (Angeler et al., 2009), the significance of these
correlations cannot be evaluated. Therefore we also used Spearman rank correlation analyses
to relate the raw abundance data of individual invertebrate taxa with the modelled temporal
frequencies. For all analyses, we used taxa that were identified to species and morphotypes
that could be classified into functional feeding groups for further analysis. Taxa with higher
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taxonomic-level resolution (family and above) were not included to not unduly influence the
analyses through ambiguous feeding group assignments. Taxa correlating with modelled
temporal frequency patterns were classified into filterers, gatherers, grazers, omnivores,
shredders and predators based on scores between 1 and 10, with 10 indicating highest feeding
preference, using the online data base www.freshwaterecology.info (Schmidt-Kloiber &
Hering, 2012). Omnivores were comprised of taxa that scored identically among different
feeding groups, here typically gatherers and grazers. We also assessed the thermal range
preferences (cold stenotherm, warm stenotherm, eurytherm) and the Red List status of the
identified taxa for Sweden using the same online database.
Definition of functional metrics used for the study – Upon classification of invertebrate taxa
into feeding groups, we calculated the following functional measures for each temporal
frequency of each lake: 1) Functional richness (the number of feeding groups present at each
temporal frequency (temporal scale), 2) Functional diversity based on the exponentiated
Shannon-Wiener index (exp H’) (here the number of feeding groups [equivalent to the
number of taxa in analysis of community structure] and the number of species that belong to a
feeding group [equivalent to the abundance of taxa in analysis of community structure]). Jost
(2007) and Tuomisto (2010) demonstrated that exponentiation of H’ makes richness and
diversity data directly comparable. 3) Functional evenness (calculated as the quotient between
functional diversity and functional richness). This measure makes evenness independent from
richness (Tuomisto, 2012) thereby not confounding evenness patterns that may arise from a
covariation with richness. 4) Within-scale redundancy (the average number of species within
each functional group at each temporal frequency scale; Allen et al., 2005), and 5) Crossscale redundancy (the average number of temporal frequency scales at which each function is
represented; Allen et al., 2005). In addition to these functional measures, we calculated a
structural community metric (taxon richness).
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Statistical comparisons— We used Kendall´s tau rank correlations (Kendall 1938), a
nonparametric test of concordance, to assess whether water chemistry variables change
monotonically through time. This also allows assessing whether patterns of change differ
between environmental variables.
Repeated measures analyses of variance (rm-ANOVA) was used to compare the
temporal frequency patterns of invertebrates between the arctic and hemi-boreal lake groups
to contrast the temporal dynamics identified through the multivariate time series analysis
(RDA-PCNM) of the invertebrate species groups between the lake types. The modelled scores
(lc scores), representing the temporal frequency pattern identified through RDA, and the
water quality variables were compared between lake types (i.e., subractic vs hemiboreal). No
data transformation of modelled scores was required for fulfilling the assumptions of
parametric tests. However, assumptions of sphericity were violated. The degrees of freedom
were therefore corrected according to Huynh & Feldt (1976) to obtain accurate significance
levels (note that df can be expressed as decimals as a result of this correction procedure).
Although the rm-ANOVA reports treatment, time and interaction effects, we consider only
the latter relevant in the present study. If the temporal patterns of species groups are similar
between subractic and hemiboreal lakes then the interaction term will not be significant.
Second, to evaluate whether subarctic lakes are more vulnerable to global change
compared to subarctic lakes, we used two-way ANOVAs to compare the distribution of the
metrics taxon richness, functional richness, functional diversity, functional evenness and
average within-scale redundancy between temporal frequency patterns and across lakes. Here,
these metrics comprised the dependent variables and lake type (subarctic, hemiboreal; fixed
factor) and scale (temporal frequencies associated with RDA 1 and RDA2, respectively; fixed
factor) comprised the independent variables. We also examined whether within-scale
redundancy at each temporal scale and the cross-scale redundancy between these scales varies
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as a function of lake type and functional feeding group. In this analysis within-scale
redundancy at both temporal scales and the cross-scale redundancy comprised the dependent
variables and functional feeding groups the independent variables. When a significant feeding
group effect was detected, a posterioi comparisons were made using the Tukey HSD test.
These univariate comparisons were complemented with multivariate analyses using
non-metric multidimensional scaling (NMDS) in Primer 6 (Primer-E Ltd, Plymouth, UK) of
Bray-Curtis transformed similarity matrices on square-root transformed data, to reveal
similarity of functional feeding groups between subarctic and hemiboreal lakes at the both
temporal frequency scales in multivariate ordination space (999 re-runs). NMDS was
followed by permutational multivariate ANOVA (PERMANOVA) to contrast multivariate
invertebrate functional attributes between lake types (subarctic vs hemiboreal lakes, fixed
factor) and scale (RDA 1 vs RDA 2, fixed factor). PERMANOVAs were calculated on BrayCurtis and Sørensen similarity matrices of square-root transformed species data (9999
unrestricted permutations of raw data) using PERMANOVA v1.6 (Anderson, 2005).
For both univariate and mutlivariate comparisons, we consider interaction terms
crucial for inference. If the interactions are significant, we conclude that the relative resilience
of one lake type, based on the structure and distribution of functions within and across
temporal scales, differs significantly from the other. In turn, this indicates that one lake type is
potentially more vulnerable to environmental change relative to the other.
Results
Temporal patterns and trends of environmental variables
The patterns of temporal change in water quality variables differed between subarctic and
hemiboreal lakes (Fig. 1). Variables related to water clarity changed significantly over time in
hemiboreal (Secchi transparency: Kendall´s tau = -0.84, P < 0.001; water colour: Kendall´s

58

tau = 0.70, P < 0.001) but not in arctic lakes (P > 0.05) (Fig. 1A, B). In contrast, variables
related to acidity increased significantly over time in subarctic (pH: Kendall´s tau = 0.65, P <
0.001, alkalinity: Kendall´s tau = 0.68, P < 0.001) but not in hemiboreal lakes (P >0.05) (Fig.
1C, D). Also anions and cations showed different patterns, with Ca increasing in subarctic
(Kendall´s tau = 0.68, P < 0.001) and decreasing in hemiboreal lakes (Kendall´s tau = -0.74, P
< 0.001) (Fig. 1E); SO4 decreased monotonically in hemiboreal lakes (Kendall´s tau = -0.96,
P < 0.001) while it fluctuated around a long-term mean in subarctic lakes (Fig. 1F). Electrical
conductivity, a measure of ionic strength, showed similar patterns as Ca in both lake types
(subarctic: Kendall´s tau = 0.32, P = 0.03; hemiboreal: Kendall´s tau = -0.75, P < 0.001) (Fig.
1H). Total P decreased monotonically in subarctic (Kendall´s tau = -0.54, P < 0.01) but not in
hemiboreal lakes (P > 0.05) (Fig. 1I). Finally, water temperature and total N showed
fluctuations around a long-term mean in lakes in both climatic regions.

Temporal frequency patterns of invertebrates
Analyzing invertebrate communities with the RDA-PCNM approach revealed significant
temporal patterns in all of the 8 lakes between 1988 and 2010. Significant temporal patterns
were associated with canonical axes 1 and 2 in the RDA models, indicating that species
groups of invertebrates operate at two distinct temporal frequencies. The first frequency
pattern explained between 36% and 75% of the adjusted variance across all lakes in the
models; the second patterns explained between 22% and 35% of the adjusted variance in all
invertebrate communities across lakes.
The first temporal frequency of invertebrate species groups showed components of
monotonic change in both lake types (“slow group”) (Fig. 2A-H). By contrast, the second
frequency of species groups showed shorter-term periodicity (“fast group”) (Fig. 2A-H).
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Spearman-rank correlation analyses revealed that the slow groups in subarctic lakes correlated
mainly with changes in pH, electrical conductivity and total P, while in hemiboreal lakes
water clarity variables, in addition to ions and total P, were important. Fast groups correlated
with total N in subarctic lakes, but in hemiboreal lakes no consistent correlations with
environmental variables were found (Appendix 3). Despite this, the lack of a significant
treatment  time interaction in the rm-ANOVA indicated that temporal frequency patterns of
slow and fast groups were similar between subarctic and hemiboreal lakes (slow groups: F2.46,
14.76

= 2.76, P = 0.09; fast groups 2: F2.72, 16.34 = 2.2, P = 0.13), highlighting conservative

patterns.

Taxonomic and functional structure of species groups
From the 170 taxa that correlated significantly with slow and fast groups across the lakes, 49
(29%) were eurytherm, 44 (26%) preferred warmer waters, and 72 (42%) could not be
assigned a thermal preference. Only 5 (3%) taxa were cold-stenotherm (the omnivorous
mayfly Ameletus inopinatus, shredding stoneflies Capnia atra, Capnia sp., Nemoura
avicularis, and Nemoura sp.); they were found only in subarctic lakes and occurred in both
the slow and fast group. None of these taxa are red-listed in Sweden.
The analysis of community metrics for the slow and fast groups across lakes revealed
that on average 28 and 25 taxa correlated with the slow group in subarctic and hemiboreal
lakes, respectively, whilst on average10 and 14 species correlated with the fast group in
subarctic and hemiboreal lakes, respectively (Fig. 3A). Functional richness, functional
diversity and functional evenness showed similar ranges across both groups and lake types
(Fig. 3B-D). Because of the higher taxon richness in the slow group, average functional
redundancy was also higher for the slow compared to the fast groups in subarctic and
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hemiboreal lakes (Fig. 3E). There was variability in the patterns of cross-scale redundancy in
subarctic and hemiboreal lakes, and these patterns were similar for both lake types (Fig. 3F).
Differences between the two groups responding to their environment at different temporal
scales were found only for taxon richness and average within-scale redundancy. Otherwise no
significant effects were detected for lake type or the interaction term in the ANOVAs (Table
1), highlighting that functions are similar in the slow and fast groups of invertebrates in the
subarctic and hemiboreal lakes studied here.
Gatherers and predators were the dominant feeding types, with the highest level of
functional redundancy in the slow and fast species groups in both lake types, relative to the
other feeding groups (Fig. 4A-F), and the average redundancy for predators and gatherers was
higher than for other feeding groups (slow group: Tukey HSD test: Predators = Gatherers >
Grazers = Shredders > Filterers = Omnivores) (fast group: Tukey HSD test: Predators >
Gatherers = Grazers = Shredders = Filterers = Omnivores) (Table 1). However, lake type and
interactions were non-significant for within-scale redundancy for both groups (Table 1),
highlighting similarities between both lake types. Also the patterns of cross-scale redundancy
for each functional feeding group were similar for both lake types (Fig. 4G-L), resulting in
insignificant effects in the ANOVAs (Table 1).
The complementary multivariate analyses are in agreement with the patterns found for
univariate metrics. Slow groups of subarctic and hemiboreal lakes clustered while faster
groups showed a larger spread in multivariate (NMDS) ordination space (Fig. 5).
PERMANOVA based on Bray-Curtis similarities revealed significant differences between
lake type and scales, whilst the interaction term was not significant (Table 2). However,
PERMANOVA on Sørensen similarity indices, which is only based on presence/absence data,
revealed no significant effect, highlighting similar distribution of functions between lake
types and scale (Table 2).
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Discussion
There is evidence that changes in the abiotic environment of Scandinavian lakes and
elsewhere is due to the complex interaction of global warming, changes in land use and
decreasing acid deposition resulting from the implementation of international policy to
mitigate the negative ecological effects of anthropogenic acidification (Evans, Monteith &
Cooper, 2005, Sucker & Krause, 2010). Quantitative changes, in terms of monotonically
changing water quality variables, were evident in the abiotic environment of both lake types,
supporting the conjecture that abiotic long-term changes occur in these lakes. The individual
and collective effects of global change are difficult to study mechanistically in correlative
long-term studies like ours, but our results show that subarctic and boreal lakes trace these
changes in qualitatively different ways. Hemiboreal lakes showed consistent decrease of
water clarity variables (Secchi depth, water colour) and subarctic lakes an increase of acidity
variables (pH, alkalinity). Both lake types also showed distinct temporal patterns of total
phosphorus, and ions that influenced electrical conductivity. This highlights complex
responses to environmental change. Previous studies have shown that decreasing acid
deposition leads to the recovery of organic carbon concentrations in surface waters to preindustrial levels (Monteith et al., 2007), which suppresses recovery of pH and alkalinity
(Erlandsson et al., 2010). This may explain the long-term stability of pH and alkalinity and
decreasing water clarity observed in hemiboreal lakes. On the other hand, subarctic lakes
seem to be more responsive to the direct effects of reduced acid deposition, responding with
increases in pH and alkalinity over time. Despite this, water temperature fluctuated around a
long-term mean. Taken together, our results show that decreasing acidification rather than
increasing temperatures indicate different long-term patterns of abiotic change of lakes in
both climatic zones. However, our results need careful interpretation because changing
temperature regimes are undeniable in northern latitudes (e.g., Walsh et al., 2011), and the
influence of climatic change on abiotic and biotic lake processes might go undetected when
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studied with average water temperature alone. Indeed, Johnson & Angeler (2010) have shown
that the North Atlantic Winter index well describes the between-year variability in
invertebrate community structure. Also, Burgmer, Hillebrand & Pfenninger (2007) have
shown that subtle changes in long-term patterns of temperature have had noticeable effects on
invertebrate assemblages across Swedish lakes. Thus, multifaceted and indirect effects of
global warming, including modified ice cover regimes, thawing permafrost, and changes to
hydrological processes and water balance (Prowse et al., 2006; Milner et al., 2009; Vincent et
al., 2011) would perhaps be more suitable than average water temperature for assessing
termperature-related effects on subarctic and hemiboreal lakes.
Despite abiotic long-term change differing quantitatively between subarctic and
hemiboreal lakes, the temporal dynamics of invertebrate communities were similar between
both lake types, despite differences in species composition, and manifest as independent
temporal patterns between two distinct groups of species. The first group of species showed
monotonic patterns of change while the second group of species showed fluctuations. These
independent temporal patterns were synchronous across the lakes. This finding is in
agreement with previous studies that demonstrated similar, and scale-dependent, conservative
patterns of community structure and change in a larger number of lakes across a broad
latitudinal gradient (Angeler et al., 2011; Angeler & Johnson, 2012). More generally, these
results support theories suggesting the critical importance of scale in community assembly
and resilience (Allen et al., 2006; Allen & Holling, 2008). Scale specific patterns in body
mass and the distribution of functions in animal communities have been linked to the relative
resilience of ecosystems in the face of global change (e.g., Fischer et al., 2007; Wardwell et
al., 2008; Sundstrom et al., 2012). However, this is the first use of multivariate time series
modelling, which makes rates of environmental change at distinct temporal scales tractable, to
infer relative ecosystem resilience.
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We expected that subarctic lakes that are highly vulnerable to global change will exhibit
reduced resilience compared to lakes in other climatic regions. However, comparing the
distributions of functional metrics within and across temporal scales, a critical component for
quantifying the relative resilience in ecosystems (Peterson et al., 1998; Allen et al. 2005),
failed to discern an interaction between lake type (i.e. lakes in contrasting climatic zones) and
temporal scale in either the univariate or multivariate analyses. Overall, this suggests that
subarctic and hemiboreal lakes have similar functional attributes that characterise their
relative resilience through time. This finding is unexpected because subarctic and hemiboreal
climatic zones are clearly distinguished on the basis on temperature, vegetation and
precipitation patterns (Köppen, 1936; Peel et al., 2007). Also, invertebrate community
composition in the littoral of Swedish lakes has been shown to be contingent on ecoregions
that reflect these climatic zones (Johnson, 2000; Johnson & Goedkoop, 2002). Our results
suggest that despite inherent abiotic and biotic differences between subarctic and hemiboreal
climates, the distribution of functions in the two species groups associated with different
temporal scales are similar. In turn, this suggests both that the observed patterns are
conservative and that resilience in both lakes types was similar. However, we acknowledge
that further research covering a broader range of climate zones (from arctic to arid zones) and
temporal frequencies is required to obtain a broader picture of cross-scale linkages and their
influence on the resilience of ecosystems facing environmental change.
Despite lakes in both climatic zones sharing similar resilience characteristics, we found
scale-inherent patterns and different contributions of functional feeding groups that must be
considered for understanding the overall resilience of the studied lakes. Filterers and
omnivores had the lowest within-scale redundancy, followed by grazers and shredders.
Highest within-scale redundancy was observed for gatherers and predators, although the
patterns were contingent on scale (higher in the slow group relative to the fast group). Cross-
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scale reinforcement was highest for predators and gatherers in hemiboreal lakes, and grazers
and shredders in subarctic lakes but lowest for filterers and omnivores in both lake types.
These findings suggest that the filterers and omnivores are the functional groups most
vulnerable to loss from lakes, and therefore these groups should be most carefully monitored,
as the loss of entire functional groups, or the loss of functional group representation at one or
more scales, would have a larger impact on resilience than the loss of species from functional
groups with high redundancy. Gatherers and predators, and shredders and grazers, have the
highest redundancy in hemiboreal and subarctic lakes, respectively, and the loss of one or a
few species from these functional groups would have relatively minor impact on resilience.
Most studies inferring the relative resilience of ecosystems on the basis of cross-scale
structure of functions have not studied the contributions of individual functions explicitly.
Discriminating between functional groups can help refine the resilience assessment of the
overall system and also of contributing individual functions.
The sets of functional traits of assemblages depend on how species are adapted to the
environment (Erös et al., 2009). There is concern that many cold-stenothermic taxa will be
replaced with warm-adapted species in high latitude and altitude freshwaters due to global
warming (Vincent et al., 2011; Culp et al., in press). The loss of cold-stenothermic species
and associated important functions is therefore of special conservation concern (Culp et al., in
press). Although we could not assign thermal preferences to 42% of the taxa, for those that we
could, more than 50% tolerated warmer conditions and only 3% were cold-stenothermic and
occurred only in subarctic lakes. None of the species was red-listed in Sweden. This is
encouraging because many of the important ecological functions in subarctic and hemiboreal
lakes are associated with a majority of species that are already adapted to warmer conditions,
and currently not recognised as vulnerable to environmental change. This finding has also
implications for the longer-term resilience of the lakes. If the majority of functions depend
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mainly on cold-stenothermic species, unpredictable and potentially catastrophic
reorganizations of lakes could arise with the ongoing loss of such species. However, with the
temperature preferences for invertebrates observed in this study, and ignoring other factors
associated with environmental change, this scenario is unlikely to become reality for the lakes
studied here.
Management implications
Because of the multidimensional and complex organization of ecosystems and communities,
their response to management is often highly uncertain (Polasky et al., 2011). Patterns within
ecosystems that occur across even modestly broad extents and temporal spans are impossible
to discern without long-term biomonitoring efforts. Long-term data series, combined with a
complex systems approach, allowed us to track community change and gain mechanistic
insights into the vulnerability of lake communities to environmental change. Invertebrates in
subarctic lakes, one of the most threatened ecosystem types in the face of current global
change, organise around distinct temporal frequencies, or scaling regimes. Evaluating how
functional traits that are relevant for maintaining several ecosystem processes (secondary
production, leaf litter processing, nutrient cycling and matter and energy fluxes) are
distributed within and across these temporal scales, we found that putatively severely
threatened ecosystems share similar resilience characteristics with lakes in other climatic
regions, and identified functional groups that should be a focus of monitoring. In and of
itself, the identity of the dominant temporal frequencies in a system is critical, because it
allows us to separate patterns of cyclic change from stochastic noise.
Researchers have mainly assessed responses of “whole” communities to broad-scale
environmental change, but our study demonstrates that the footprints of changing abiotic
conditions in lakes are detectable only in specific groups of species undergoing monotonic
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change over time. Monotonic community change associated with broad-scale environmental
change is a double-edged sword because it is difficult to mitigate or reverse such changes, and
because it indicates that ecosystems may experience catastrophic regime shifts, with
consequent losses of important ecosystem goods and services, when a critical threshold is
crossed. Our study suggests that targeting processes acting at temporal scales that are
unrelated to broad-scale environmental change has strong management and conservation
potential. For example, the subarctic and hemiboreal lakes studied here showed dynamics of a
“fast” species group that were almost unrelated to monotonically changing environmental
variables. Although we were unable to identify the mechanisms driving the temporal patterns
of these fast species groups in this study, the identification of patterns itself can be of broader
utility for management. Management to reinforce functions at specific scales when
interventions at other scales are not feasible can strengthen cross-scale linkages and help
systems stave off thresholds and collapse. The subarctic and hemiboreal lakes studied here
provide a practical example. Taxonomic diversity and redundancy of functions was higher in
species groups undergoing slow monotonic change. Functions associated with filterers and
omnivores had low within- and cross-scale redundancy. It is uncertain whether these
configurations will be maintained as communities continue to track environmental change at
this scale. Management to reinforce structures and increase the redundancies of functions at
other scales is one way to cope with this uncertainty and assure system resilience despite
ongoing environmental change.
In summary, an understanding of scale-specific processes provides managers not
only with a more realistic assessment of vulnerabilities to environmental change. More
importantly, scales that are unaffected by global change may maintain the organization of a
system in the face of global change, in effect “rescuing” ecosystems from ongoing
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environmental change and potential collapse. The ability to identify vulnerable and unaffected
scales in analyses of global change provides opportunities for improved management.
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1

Table 1: Results from ANOVA analyses contrasting effects of lake type (subarctic vs hemiboreal lakes), scale (“slow” vs “fast” species group)

2

(a) or feeding group (predators, shredders, gatherers, grazers, filterers, omnivores) (b) and their interactions on univariate measures used to assess

3

the relative resilience of lakes. Shown are degrees of freedom (df), mean squares, sources of variation (F ratios), significance levels and error

4

terms. Significant effects are highlighted in bold.

5
a)

Taxon richness
Functional richness
Functional diversity
Functional evenness
Within-scale redundancy
b)

Within-scale redundancy
(Scale1)
Within-scale redundancy
(Scale2)
Cross-scale redundancy

Lake type (LT) df (1,
12)
MS
F
P
0.02
1.19 0.30
<0.001 0.001 0.97
0.007
1.32 0.27
0.004
1.93 0.19
0.03
1.12 0.31

Scale (S) df (1, 12)

L x S df (1, 12)

MS
0.47
0.02
0.02
0.002
0.22

MS
0.06
0.001
<0.001
0.001
0.006

Lake type (LT) (df 1,
36)
MS
F
P
0.001
0.018 0.90

Feeding group (F) (df 5, 36)

LT x F (df 5, 36)

MS
0.75

F
19.9

P
<0.001

MS
0.03

F
0.81

P
0.55

0.038

0.09

1.43

0.24

3.65

0.009

0.1

1.49

0.22

0.064

0.004

1.042 0.31

0.004

0.938 0.468

0.005

1.17

0.34

0.004

0.24

F
25.2
1.97
3.08
1.151
8.95

P
<0.001
0.19
0.11
0.3
0.011

F
3.17
0.17
0.02
0.64
0.24

Error
P
0.10
0.69
0.89
0.441
0.637

0.019
0.008
0.005
0.002
0.024
Error
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6

Table 2: Results of PERMANOVA analysis contrasting multivariate community structure

7

based on Bray-Curtis and Sørensen similarity between lake type (subarctic vs hemiboreal

8

lakes), scale (“slow” vs “fast” species group) and their interactions. Shown are degrees of

9

freedom (df), sums of squares (SS), mean squares (MS), F-ratios (F), and the Monte Carlo

10

asymptotic P values (P(MC)). Significant effects are highlighted in bold.

11
12
Source
Bray-Curtis
Lake type
Scale
Lake type x scale
Residual
Total
Sørensen
Lake type
Scale
Lake type x scale
Residual
Total

df

SS

MS

F

P (MC)

1
1
1
12
15

1580.0
1815.1
488.4
4903.8
8787.2

1580.0
1815.1
488.4
408.6

3.866
4.442
1.195

0.0298
0.0190
0.3112

1
1
1
12
15

554.4
712.2
121.2
2998.7
4388.6

554.4
714.2
121.2
249.9

2.219
2.858
0.485

0.1809
0.1230
0.5784

13
14
15
16
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17

Figure legends

18

Figure 1: Temporal patterns of environmental variables in subarctic and hemiboreal lakes.

19

Shown are the means ± standard deviations of four subarctic (black lines) and four hemiboreal

20

(grey lines) lakes. The trend lines indicate significant monotonic change over time revealed

21

by Kendall tau correlation analyses.

22

Figure 2: Temporal patterns of two species groups associated with RDA 1 (“slow” group;

23

black lines) and RDA 2 (“fast group”; grey lines) obtained from multivariate time series

24

modelling of invertebrate communities in subarctic (A-D) and hemiboreal (E-H) lakes. Shown

25

are linear combination scores of significant PCNM variables (see methods for details).

26

Figure 3: Comparison of structural (taxon richness; A) and functional (B-D) community

27

metrics, and average within-scale redundancy in “slow” species groups (grey bars) and “fast”

28

species groups (white bars) for subarctic and hemiboreal lakes. Shown is also the average

29

cross-scale redundancy (the number of scales in which the studied feeding groups are present)

30

for subarctic and hemiboreal lakes (F). Shown are means ± standard deviations of four

31

subarctic and four hemiboreal lakes.

32

Figure 4: Patterns of within-scale redundancy for slow (grey bars) and fast species groups

33

(white bars) for gatherers (A), predators (B), Grazers (C), Shredders (D), Filterers (E) and

34

omnivores (F) for subarctic and hemiboreal lakes. Shown are also the cross-scale

35

redundancies for each feeding group in both lake types (G-L).

36

Figure 5: Nonmetric multidimensional scaling ordination (Bray-Curtis based) showing

37

similarities of functional attributes across fast (symbols with 1) and slow (symbols with 2)

38

species groups in subarctic and hemiboreal lakes.
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Appendix 1

Map of Sweden showing location of lakes and table with their water quality characteristics.

Map of Sweden showing location of lakes in subarctic and hemiboreal climatic zones
according to the Köppen-Geiger climate classification system: 1, Abiskojaure; 2,
Brännträsket; 3, Jutsajaure; 4, Stor Tjulträsket; 5, Allgjuttern; 6, Fräcksjön; 7, Humsjön; 8,
Stora Envättern.
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Table of water quality characteristics and geographical coordinated of subarctic and
hemiboreal lakes. Shown are the means ±SD of water quality variables sampled
between 1988 and 2010.
Secchi Temperature pH Electr. Ca
Alkalinity SO4 Tot N
depth (°C)
Cond. (meq/l) (meq/l) (meq/l) (µg/l)
(m)
(mS/cm)
Abiskojaure
mean 9.18
6.91 7.05
3.59 0.21
0.20 0.08 185.88
(Long. 18.79; Lat. sd
0.96
1.74 0.11
0.48 0.04
0.03 0.02 59.95
68.36)
Brännträsket
mean 2.66
12.01 6.68
3.02 0.16
0.12 0.06 365.06
(Long. 17.04; Lat. sd
0.34
1.78 0.14
0.26 0.01
0.02 0.02 75.07
59.38)
Jutsajaure
mean 3.31
10.76 6.64
1.88 0.09
0.10 0.02 291.90
(Long. 19.94; Lat. sd
0.35
1.46 0.13
0.19 0.01
0.02 0.00 50.46
57.06)
Stor-Tjulträsket mean 8.72
6.64 7.25
4.24 0.30
0.32 0.05 216.68
(Long. 16.07; Lat. sd
0.74
1.54 0.11
0.33 0.03
0.05 0.00 71.75
65.95)
Allgjuttern
mean 5.57
13.40 6.59
4.85 0.18
0.07 0.18 350.40
(Long. 16.10; Lat. sd
0.78
1.08 0.10
0.52 0.01
0.01 0.03 44.96
57.95)
Fräcksjön
mean 3.11
13.37 6.40
6.99 0.19
0.06 0.15 441.72
(Long. 12.18; Lat. sd
0.56
1.35 0.12
1.26 0.03
0.01 0.06 57.82
58.15)
Humsjön
mean 3.06
11.26 6.78
4.39 0.16
0.14 0.09 407.72
(Long. 12.72; Lat. sd
1.18
2.35 0.09
0.44 0.01
0.01 0.03 60.08
59.58)
Stora Envättern mean 4.30
13.35 6.51
4.05 0.18
0.06 0.14 409.41
(Long. 17.35; Lat. sd
0.96
1.10 0.08
0.42 0.01
0.01 0.03 39.63
59.11)

Tot P Water color
(µg/l) (Absorbance
420nm/5cm)
5.03
0.01
2.07
0.00
9.94
2.06

0.14
0.03

8.84
2.20

0.08
0.01

5.87
2.18

0.03
0.00

7.32
3.26

0.05
0.01

10.06
1.69

0.11
0.03

12.92
6.54

0.07
0.02

8.92
2.05

0.07
0.02
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Appendix 2

Flow chart outlining the steps involved in time series modelling based on the
RDA-PCNM method.

First, a linear time vector is converted into PCNM variables, which are then related to
the species  time matrix of a specific ecosystem by means of RDA. The RDA
identifies species with similar temporal trends in the species  time matrix and
calculates a modeled species group trend from their collective patterns. Significant
modeled trends are associated with significant RDA axes, and these trends are
85

visually shown in linear combination score plots. Because RDA axes are independent
from each other, they represent temporal patterns at independent scales. Correlation
analyses can then be used to identify species that contribute significantly to the
modeled species group patterns. Correlations can also be used to assess environmental
correlates of species group change.
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Appendix 3
Table summarizing results from Spearman rank correlation analyses between species group trends revealed by multivariate time series modelling
(RDA1, RDA2) and environmental variable. Significant correlations are highlighted in bold and groups of variables that were significant for
either subarctic or hemiboreal lakes, or both, are presented within squares.
RDA 1
SUBARCTIC LAKES
Abiskojaure
Brännträsket
Jutsajaure
Stor Thjulträsket
HEMIBOREAL LAKES
Allgjuttern
Fräcksjön
Humsjön
Stora Envattern

RDA2
SUBARCTIC LAKES
Abiskojaure
Brännträsket

Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level

Secchi depth Water colour ph
0.355
-0.275
0.096
0.203
-0.362
0.156
0.090
0.476
0.170
0.166
0.437
0.450
0.015
-0.298
0.945
0.168
0.434
0.673
0.039
0.000
-0.715
0.802
0.000
0.000
-0.639
0.139
0.001
0.528
-0.884
0.729
0.000
0.000

Alkalinity
0.619
0.002
0.645
0.001
0.802
0.000
0.731
0.000
-0.253
0.244
0.798
0.000
-0.335
0.118
0.196
0.370

Spearman rho
P level
Spearman rho
P level

Secchi depth Water colour ph
-0.624
0.269
0.001
0.215
-0.128
0.485
0.560
0.019

-0.012
0.955
-0.007
0.973

0.656
0.001
0.176
0.420
-0.019
0.930
0.740
0.000
-0.087
0.692
0.773
0.000
-0.101
0.648
-0.065
0.770

Sulphate

Ca

0.758
0.000
-0.787
0.000
-0.866
0.000
0.286
0.186
-0.834
0.000
-0.912
0.000
-0.523
0.011
-0.946
0.000

Alkalinity
Sulphate
Ca
-0.261
-0.309
0.230
0.151
-0.256
-0.015
0.239
0.945

0.748
0.000
-0.094
0.671
0.082
0.712
0.648
0.001
-0.847
0.000
-0.853
0.000
-0.416
0.048
-0.855
0.000

Elec.Cond.
TN
0.681
0.000
-0.670
0.000
-0.422
0.045
0.449
0.031
-0.909
0.000
-0.794
0.000
-0.429
0.041
-0.887
0.000

TP
-0.165
0.453
-0.310
0.150
-0.523
0.010
-0.144
0.511
-0.435
0.038
-0.383
0.071
-0.142
0.517
0.061
0.781

-0.254
0.242
-0.136
0.537

Elec.Cond.
TN
-0.295
0.172
0.047
0.831

0.573
0.004
0.735
0.000

-0.807
0.000
-0.537
0.008
-0.791
0.000
-0.600
0.002
-0.631
0.001
-0.598
0.003
0.319
0.138
-0.690
0.000

Temperature
0.240
0.270
0.021
0.923
0.400
0.058
-0.256
0.239
-0.186
0.395
0.549
0.007
-0.475
0.022
0.350
0.102

-0.122
0.580
0.255
0.240

Temperature
-0.268
0.216
-0.102
0.642

TP

87

Jutsajaure
Stor Thjulträsket
HEMIBOREAL LAKES
Allgjuttern
Fräcksjön
Humsjön
Stora Envattern

Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level
Spearman rho
P level

0.085
0.699
0.221
0.312
0.585
0.003
-0.070
0.751
-0.292
0.176
-0.203
0.354

0.273
0.208
0.317
0.140
-0.487
0.018
0.275
0.204
0.367
0.085
0.291
0.178

-0.234
0.283
0.068
0.759
-0.272
0.210
0.303
0.160
0.125
0.570
0.386
0.069

0.143
0.516
-0.086
0.696
-0.019
0.930
0.278
0.199
-0.003
0.991
-0.243
0.263

0.118
0.592
0.040
0.857
0.239
0.272
-0.134
0.541
-0.397
0.061
-0.192
0.381

0.305
0.157
-0.056
0.799
0.121
0.581
-0.260
0.232
-0.089
0.685
-0.102
0.644

0.563
0.005
-0.009
0.968
0.093
0.672
-0.381
0.073
-0.060
0.786
0.015
0.945

0.437
0.037
0.659
0.001
-0.347
0.104
0.344
0.108
0.377
0.076
0.554
0.006

-0.161
0.463
-0.067
0.762
0.325
0.130
-0.478
0.021
-0.309
0.151
-0.137
0.533
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-0.225
0.301
-0.594
0.003
0.102
0.642
0.292
0.176
-0.361
0.091
-0.141
0.520

